Exotic plants and river regulation have changed riparian ecosystems throughout the south-western U.S. We compared litter dynamics at sites dominated by native cottonwoods or exotic saltcedar in the Middle Rio Grande Valley of central New Mexico. Litter production was greater at cottonwood sites and may have increased after experimental flooding in cottonwood but not in saltcedar. Decomposition was similar for both types of leaves and increased with experimental flooding for both. Forest floor litter was greater at cottonwood sites; litter storage decreased after flooding at the saltcedar site but not at the cottonwood site. Flooding may help reduce the impact of fires by increasing decomposition and reducing the standing stock of forest floor organic matter.
Introduction
Exotic plants and animals have invaded ecosystems throughout the world (Vitousek, 1986; Usher, 1988; Busch & Smith, 1995) . While harsh growing conditions generally limit the extent of exotic plant invasions into arid regions, introduced phreatophytes have established extensively along water courses in arid areas such as south-western Africa and the south-western U.S. (Loope et al., 1988) . For example, saltcedar (Tamarix spp.) was first introduced into the western U.S. in the late 1800s (Horton, 1964) and has now spread throughout the south-west (Loope et al., 1988; Vitousek, 1990; Busch & Smith, 1993; Crawford et al., 1996) . Naturalization of this and other exotic plants has greatly changed the structure and species composition of these riparian ecosystems, where non-native plants now comprise large proportions of the vegetation in many areas (Ohmart & Anderson, 1982; Busch & Smith, 1995) . Concomitant changes in the natural flow regimes of most western rivers has favored this spread of non-native plants while contributing to the decline of native riparian species (Rood & Hinze-Milne, 1989; Rood & Mahoney, 1990; Stromberg & Patton, 1991) . Along the Rio Grande through central New Mexico, recent observations of decreased cottonwood regeneration combined with the rapid colonization by saltcedar and Russian olive (Elaeagnus angustifolia L.) suggest that without changes to current water management strategies, the local riparian ecosystem will soon be dominated by exotic trees (Howe & Knopf, 1991) . Efforts to eradicate exotic plants and restore native vegetation are both costly and labor intensive, and total elimination of these invasive species will be impossible in most cases.
Numerous studies have looked at the effects of saltcedar on local vertebrate populations (e.g. Brown & Johnson, 1987; Hunter et al., 1988; Ellis, 1995; Ellis et al., 1997) , but little attention has been given to understanding functional differences of these altered ecosystems, in spite of increasing evidence that invasion by exotic species can alter ecosystem processes (Vitousek, 1986 (Vitousek, , 1990 . Functional changes following invasion include altered productivity, decomposition, nutrient and hydrologic cycling, and susceptibility to disturbance (Usher, 1988; MacDonald et al., 1989; Vitousek, 1990) . Saltcedar has been reported to decimate water courses (Neill, 1983 , in Vitousek, 1990 , and adaptations for dealing with salinity and water stress have favored its increase within riparian communities (Bush & Smith, 1995) . The inevitable permanence of exotic plants in south-western landscapes necessitates understanding functional aspects of these species within the context of local ecosystems. For example, litter production and decomposition affect rates of nutrient cycling, and are influenced by factors such as moisture and leaf type (Shure et al., 1986; Facelli & Pickett, 1991) . Reduction in rates of litter decomposition due to the elimination of the annual flood pulse along the Rio Grande has resulted in a significant build-up of organic litter from both native and exotic plants on the forest floor (Molles et al., 1995; Crawford et al., 1996; Molles et al., in review) .
One important effect of biological invasions on native ecosystems is through their influence on fire regimes (MacDonald et al., 1989; Vitousek, 1990) . While there is little evidence for extensive burning in south-western floodplain ecosystems prior to European settlement, lightning-and human-induced fires now occur across a variety of low-elevation riparian ecosystems where saltcedar has invaded (Busch & Smith, 1993; Busch, 1995; Stuever et al., 1997) . In contrast, fire still appears to be uncommon in riparian ecosystems where saltcedar does not occur (Busch & Smith, 1993) . The deciduous nature of saltcedar, combined with the current reduction in flooding needed to decrease forest floor litter, has resulted in tremendous accumulations of organic matter rendering these communities highly susceptible to fires (Ohmart & Anderson, 1982; Molles et al., 1995) . Saltcedar sprouts prolifically after burning (Ohmart & Anderson, 1982; Crins, 1989; Busch, 1995) , but native riparian trees including Populus spp. are not well adapted to severe fire (Adams et al., 1982; Stuever, 1997) . Thus, the increasing frequency of fire can further alter the structure and species composition of these south-western riparian ecosystems (Busch, 1995) .
In 1991, in order to understand how local riparian ecosystems have been altered by both changed river flow regimes and introduced exotic plants, we began a long-term study of structural and functional aspects of the Rio Grande riparian forest in central New Mexico. After collecting baseline data for 2 years at two sites dominated by native cottonwoods and at two sites covered by nearly monotypic saltcedar stands, we began a series of month-long experimental floods at one site in each vegetation type to assess the effects of re-establishing the historic flood pulse. We compare (1) litter production, (2) litter decomposition, and (3) quantities of stored organic litter at cottonwood-and saltcedar-dominated sites during 1991 through 1996. We also compare the responses of these two vegetation types to experimental flooding.
Study area
Saltcedar (Tamarix ramosissima Ledeb.) was introduced to the Albuquerque region of New Mexico as an ornamental plant in 1908 (Watson, 1912) and in the late 1920s was planted along local tributaries for erosion and silt control (Crawford et al., 1993) . After about 1936 saltcedar proliferated rapidly and became widely naturalized in the Rio Grande Valley; today it is especially abundant along low elevation watercourses in the southern half of the state and in some areas forms dense, monotypic stands. It was established at Bosque del Apache National wildlife Refuge, Socorro County, by the late 1930s and expanded rapidly there following the floods of the early 1940s (J. Taylor, pers. comm.). The refuge, at an elevation of approximately 1400 m, contains about 14·5 km of the Rio Grande and its associated riparian vegetation, including both mixed cottonwood forests and extensive tracts of saltcedar.
Four study sites were established at Bosque del Apache during the summer of 1991. Two study sites were selected in mixed cottonwood forests (cottonwood sites) and two in nearly pure saltcedar stands (saltcedar sites). All four sites lie outside the river levee and have not been flooded for about 50 years. To assess the influence of flooding on structural and functional components of the ecosystem, one site in each vegetation type received month-long artificial floods for three (cottonwood) or two (saltcedar) consecutive seasons. These sites were designated as the flood sites, while one site for each vegetation type was designated the control site, and remained unflooded. Throughout this paper these four sites are referred to as Cottonwood Flood, Cottonwood Control, Saltcedar Flood and Saltcedar Control.
Both cottonwood sites and Saltcedar Flood were in a strip of continuous forest, 200-300 m wide, approximately 0·5 km west of the Rio Grande and separated from it by the low flow conveyance channel and riverside levee ( . A variety of herbaceous understory species were also present at the sites. Saltcedar sites were each 2·9 ha and consisted nearly exclusively of saltcedar, with heights ranging from 3 to 7 m. A few scattered seepwillows were present, along with a patchy herbaceous understory under openings in the saltcedar canopy, and Saltcedar Control included a small area with scattered cottonwoods.
Materials and methods

Experimental flooding
After collecting baseline data for 2 years, Cottonwood Flood was artificially flooded for approximately 1 month during each of the following three years: 17 May-12 June 1993, 19 May-19 June 1994, and 17 May-17 June 1995. Floods were timed to match the peak flow for the Rio Grande, based on the mean annual hydrograph for the period 1889-1990 recorded at Embudo, New Mexico (Slack et al., 1993) . Water was taken from a riverside canal and included a combination of water diverted directly off the Rio Grande, irrigation return flows from agricultural fields and ground-water recharge accumulated in the nearby Low Flow Channel (J. Taylor, pers. comm.). Baseline data were collected at the saltcedar sites for 3 years before flooding Saltcedar Flood during 29 May-29 June and 18 May-17 June 1995. Flood water at that site included some of the water that passed through the Cottonwood Flood site as well as additional water from the riverside canal.
Litter production
Litter production was monitored at all sites, beginning in 1991, using litter traps consisting of 50-cm diameter by 10-cm deep rubber tubs left in place for continuous collection of litterfall between September and the following March each year. Twelve traps were stratified throughout at each site and contents were collected monthly. Samples from all sites were oven-dried at 60°C for 48 h and weighed.
We compared total annual litterfall (leaves of all plant species, twigs, reproductive parts) between the two vegetation types using a profile analysis with time as the withinsubject effect and vegetation type as the between-subject effect (multivariate analysis of variance with yearly contrast transformations, ANOVA procedure, SAS Institute Inc., 1989; von Ende, 1993) . Yearly contrasts in total litterfall were made against the mean values across years and a Bonferroni adjustment was used to correct the experiment-wise error rate for these multiple comparisons. To compare responses to flooding by vegetation types, we calculated the relative differences in litter production between flood and control sites within each vegetation type (inter-site differences) as the average total litterfall at the flood site minus the average total litterfall at the control site. Since pre-and post-flood sample sizes were not large enough for accurate statistical comparisons of these changes in relative inter-site differences (e.g. random intervention analysis, Carpenter et al., 1989) , we simply made qualitative comparisons between vegetation types in the shift in these inter-site differences after flooding.
Leaf decomposition
Leaves were collected in mid-October each year, prior to abscision, from at least 10 individual trees of each species at a site near the study areas, and were air-dried to constant weight for several days before being placed in mesh bags. Bags were made of 15 ϫ 15 cm fiberglass screening (1 mm mesh) and initially contained 5 g of either cottonwood or saltcedar leaves to be used in each vegetation type, respectively. Twenty leaf decomposition bags were placed in a 5 ϫ 4 bag grid at each of the four sites each fall beginning in 1991 and were collected periodically throughout the following year to measure rates of leaf decomposition. Five randomly selected bags were collected from each site on each of four dates each year: (1) the same day the bags were placed at the sites (to correct for handling loss of bag contents during installation), (2) the following April (prior to flooding in flood years), (3) late June (immediately after flooding in flood years) and (4) early November. Collected bags were taken to the lab where the leaves were removed, dried at 60°C for 48 h, weighed, and ground using a Wiley Mill. Subsamples were ashed in a 500°C muffle furnace for 2 h to determine ash-free dry weight.
Only data for total weight lost (collection 4) are presented here. To determine differences in decomposition related to leaf type, we compared the final percent of initial weight lost for leaves of each vegetation type using a Wilcoxon Rank Sum test for each year (NPAR1WAY procedure, SAS Institute, Inc., 1989). We then compared responses to flooding of the two vegetation types based on relative changes in inter-site differences, calculated as the average final percent of weight lost by leaves at the flood site minus the average final percent of weight lost by leaves at the control site, for each vegetation type.
Forest floor litter storage
Samples of the standing stock of organic matter were collected from the forest floor at cottonwood and saltcedar sites each spring and fall, from September 1991 through April 1996. During each collection, ten 10 ϫ 10 cm samples of all litter above mineral soil were collected from randomly chosen locations distributed throughout each site. Samples were taken to the lab, dried in a 60°C oven to constant weight, and weighed. Subsamples were ground using a Wiley Mill and ashed at 500°C in a muffle furnace for 2 h to estimate the ash-free dry weight of organic matter in each original sample. The average ash-free dry weight of organic litter was calculated for each collection at each site.
We compared overall differences in quantities of stored litter between vegetation types using Wilcoxon Rank Sum tests for each collection period (NPAR1WAY procedure, SAS Institute, Inc., 1989) , with values for the two sites averaged within each vegetation type. We compared responses to flooding by vegetation types based on the inter-site differences in forest floor litter between flood and control sites within each vegetation type, calculated as the average ash-free dry weight of stored litter at the flood site minus the average ash-free dry weight of stored litter at the control site. 
Results
Experimental flooding
Litter production
Litter production was greater at cottonwood sites for all seasons except 1992-93 (Fig.  2) . Two floods did not affect litter production at the saltcedar site, but 3 years of flooding may have slightly increased litter production at the cottonwood site (Fig. 3) . Litterfall at Cottonwood Flood decreased during each of the first 4 years of the study, suggesting that differences in 1993-94 were not related to flooding, but an increase in litterfall at the flood site during the last season may reflect a positive effect of flooding.
Litter decomposition
Overall, decomposition did not differ between cottonwood and saltcedar leaves (Fig.  4) . Weight loss of leaves at cottonwood sites ranged from a high of 56·4% at Cottonwood Flood during the second year of flooding to a low 18·5% at Cottonwood Control the same year (Fig. 4) . Weight loss at saltcedar sites ranged from a high of 55·5% at Saltcedar Control during 1991-92, to a low of 23·9% at Saltcedar Flood during that year. Decomposition of both cottonwood and saltcedar leaves increased with flooding (Fig. 5) .
Forest floor litter storage
The average ash-free dry weight of forest floor litter at cottonwood sites ranged from a high of 1611·1 ± 286·6 g m -2 in April 1995 to a low of 807·7 ± 128·5 g m -2 in September 1993, while values at saltcedar sites ranged from a high of 970·0 ± 114·8 g m -2 in September 1994 to a low of 452·2 ± 83·6 g m -2 in September 1991. Forest floor litter was greater at cottonwood sites for five of the ten sample periods (Fig. 6 ). Flooding did not affect litter storage at the cottonwood site ( Fig.  7(a) ), but litter storage decreased at Saltcedar Flood relative to Saltcedar Control after flooding ( Fig. 7(b) ).
Discussion
Riparian ecosystems in arid regions support disproportionately high biological diversity, including both plants and animals, compared to adjacent uplands (Knopf et al., 1988; Naiman et al., 1993) . Changes in ecosystem function with the introduction of exotic species thus may threaten regional biodiversity, if such changes affect the survival of native species. Understanding how naturalized exotic plants affect the functional processes of the local ecosystems they have invaded is important for developing management strategies for these altered habitats. Especially important in the south-western U.S. is the influence of these exotic species in altering disturbance regimes such as the frequency of fire. 
Litter production
Litter production was greater at cottonwood sites compared to saltcedar sites. A variety of plants, in addition to cottonwoods, contribute to litter production at cottonwood sites, while litter production at saltcedar sites is almost exclusively by saltcedar. The difference reflects the multi-layered forest structure within cottonwood forests, where more species are packed vertically within a given space. Litter production at cottonwood sites also includes a greater wood component, with small twigs falling into litterfall traps at cottonwood sites more often than at saltcedar sites. Litter production increased after the third flood at Cottonwood Flood, following four seasons of decline at that site. Average litter production at three cottonwood sites near Albuquerque has declined monotonically over the past 8 years (Molles et al., in review), suggesting that those trees are senescing. The increase in litter production after the third flood in this study, and following this period of decline, may reflect a cumulative effect of several floods, but this relationship cannot be confirmed due to a fire at that site. Litter production did not change after two seasons of flooding at the Saltcedar Flood site. Some previous studies report reduced litter production at wet sites compared to drier ones (Bell et al., 1978; Shure & Gottschalk, 1985) , or no difference between wet riparian and dry upland sites (Peterson & Rolfe, 1982) . Thus the general influence of flooding on litter production sites remains unclear.
Leaf decomposition
While some studies report differences in decomposition among different leaf types (Bell et al., 1978; Peterson & Rolfe, 1982; Gurtz & Tate, 1988) , leaf type did not appear to affect variation in the extent of decomposition in this study. For both types of leaves, the extent of decomposition varied annually, even in the absence of flooding, and was greater during years with greater precipitation (unpublished data). Decomposition of both cottonwood and saltcedar leaves increased with experimental flooding, while decomposition decreased at control sites during the final two seasons when precipitation was lower. These results suggest that decomposition may be limited by moisture availability. Other studies found that rates of leaf decomposition are often higher in riparian forests that are inundated for part of the year compared to non-flooded sites (e.g. Bell et al., 1978; Peterson & Rolfe, 1982; Shure et al., 1986) . Re-establishing seasonal flooding thus may help to moderate the effects of periodic spring and summer drought that characterize this region (Nicholls, 1988) , and may increase the breakdown of large accumulations of organic debris.
Forest floor litter storage
More surface litter was present at cottonwood sites, which partly reflects the greater litter production. Variance in litter accumulations was also greater at cottonwood sites. The patchy distribution of forest floor litter within the cottonwood sites reflected local microtopography, with leaves accumulating in swales while being blown clear of high points. Similar variation in litter accumulation was quantified in a cottonwood forest near Albuquerque (C. Finnance, pers. comm.). In contrast, litter was more uniformly distributed in the saltcedar sites, which contained less topographic variation.
Forest floor organic matter decreased at Saltcedar Flood relative to the control after two seasons of flooding, but stored litter did not change after three experimental floods in the cottonwood forest. This again may reflect the high variance in litter accumulations at those sites as well as the greater wood content there. The quantity of forest floor litter increased at Saltcedar Flood relative to Saltcedar Control across the first 3 years, prior to flooding, then decreased immediately following each flood in 1994 and 1995, suggesting a rapid functional response to re-establishing flooding in the saltcedar vegetation. Repeated annual flooding thus may decrease large accumulations of litter within saltcedar vegetation over a fairly short time scale (i.e. several years), while reduction of extensive litter accumulations at cottonwood sites may require a longer period of repeated floods. Other studies report reduced standing stocks of litter at flooded riparian sites (Bell & Sipp, 1975; Peterson & Rolfe, 1982) .
One of the greatest threats to current south-western riparian ecosystems is fire. Increased organic matter on the forest floor along hydrologically-isolated forests has increased the fuel load and potential for fire in the forest (Molles et al., 1995) . Fires tend to occur in areas where saltcedar has invaded (Busch & Smith, 1993; Busch, 1995) , and both the frequency and severity of fires have increased in the Rio Grande riparian forest in recent years . Although some authors suggest that Tamarix spp. in Mediterranean ecosystems have low susceptibility to ignition (Waisel & Friedman, 1965; Le Houerou, 1981) , the extent of riparian fires along the lower Colorado River floodplain was associated with the area of saltcedar habitat burned (Busch, 1995) , suggesting that it has higher susceptibility to ignition in this region. Ohmart & Anderson (1982) note that saltcedar stands are highly susceptible to fires due to large accumulations of organic matter, with intense fires burning every 10-15 years due to this fuel load. These intense fires kill all above-ground portions of trees, but result in extensive and rapid suckering in saltcedar (Ohmart & Anderson, 1982; Crins, 1989; Busch, 1995) . In contrast native cottonwoods suffer high mortality from severe burns (Busch & Smith, 1993; Stuever, 1997) . The presence of saltcedar thus may favor its own propagation by altering the natural disturbance regime, thereby further decreasing the already limited extent of native cottonwoods.
Conclusions
Current management of south-western riparian forests will likely result in more widespread loss of native vegetation. In the absence of flooding, fires will continue to alter the species composition and structure of these forests, and will promote the spread of saltcedar. However, re-establishing the natural hydrologic connections between riparian forests and their adjacent rivers may diminish this change. Data presented here indicated that decomposition of both native cottonwood and exotic saltcedar leaves increases with flooding and that even limited flooding helps to decrease accumulations of forest floor litter in saltcedar stands. Thus, re-establishing the annual flood pulse, whether through increasing flow levels in the river channel or via artificial flooding, should help to eliminate large accumulations of litter along hydrologically-isolated riparian forests. Reducing these accumulations of organic matter will be essential for reducing the threat of fires in both native-and exoticdominated forests, and thus will be essential for the preservation of native cottonwood ecosystems.
